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A B S T R A C T

This study evaluated the treatability of water leachates from wildfire-impacted soils using a coagulation- 
ultrafiltration process, aiming to better understand how post-fire changes affect membrane fouling in drinking 
water treatment. Soil samples were collected from one high burn severity and one low burn-severity site 
following the Cedar Creek Fire in Oregon, USA. The leachate from the one high severity site exhibited lower pH, 
turbidity, and dissolved organic carbon, and its dissolved organic matter (DOM) consisted of less aromatic 
compounds compared to the low-severity leachate. Filtration experiments revealed that, without pre- 
coagulation, the high-severity leachate caused less membrane fouling than the leachate from the low-severity 
sample. Pre-coagulation with aluminum chlorohydrate reduced fouling in both cases, though optimal dosages 
differed. For the low-severity leachate, a 30 mg/L dose improved DOM removal and minimized irreversible 
fouling, while for the high-severity leachate, effective control was observed at dosages up to 7.5 mg/L, with 
higher doses (30 mg/L) worsening fouling, potentially via metal-DOM complexes. While our controlled labo
ratory experiments provide valuable insights, we acknowledge that our lab experiments do not fully replicate 
field conditions. However, the unique characteristics of the leachate from our burned soil samples, indicate the 
need for further research to capture the complexities of post-wildfire water quality dynamics and refine treat
ment strategies for wildfire-impacted watersheds.

1. Introduction

Forested watersheds are the primary source of clean drinking water 
around the world (Costanza et al., 1997). In the United States, over 60 % 
of the potable water is supplied from forested areas (Smith et al., 2011; 
Stein, 2005). However, these water sources are increasingly at risk due 
to population growth and climate change, which expose them to both 
natural and human-made disturbances. One of the major concerns is 
wildfires, which rapidly consume biomass and transform forest vegeta
tion into pyrogenic organic matter. This transformation can significantly 
alter the physical and chemical properties of the upper soil layers 
(Goforth et al., 2005; Oliveira-Filho et al., 2018; Santín et al., 2015; 

Vergnoux et al., 2011; Wang et al., 2016). After a wildfire, hillslope 
runoff during storm events can transport large quantities of ash, charred 
biomass, and soil into the streams, rivers, and lakes within the burned 
watershed (Ryan et al., 2011; Minshall et al., 1997). Consequently, the 
water quality in the burned watershed can be altered, with elevated 
levels of particles (Murphy et al., 2012), heavy metals (Earl and Blinn, 
2003), organics (Smith et al., 2011; Petticrew et al., 2006), and nutrients 
(Spencer et al., 2003). The extent of these changes in water quality often 
depends on the severity of the burn as well as the composition of the soil 
and ash (C. Santín et al., 2015). The postfire water quality changes can 
lead to significant challenges and concerns for downstream water 
treatment plants (Hohner et al., 2019).
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The application of low-pressure membranes (LPMs), including 
microfiltration and ultrafiltration, in drinking water treatment has 
grown rapidly over the past decade due to their effectiveness in pro
ducing high-quality water, compact footprint, and relatively low costs 
(Huang et al., 2009; Huang et al., 2022; Nakatsuka et al., 1996; Xu et al., 
2019; Zularisam et al., 2009; Zhu et al., 2024). With pore sizes ranging 
from 10 to 100 nm, LPMs are highly efficient at removing particulates. 
However, they are ineffective at removing dissolved substances, and 
fouling remains a significant challenge that limits their performance. 
Fouling in LPMs is primarily caused by pore blocking and the formation 
of a cake layer (Wu et al., 2011; Wang and Tarabara, 2008; Xiong et al., 
2025). To address these challenges, chemical coagulation pretreatment 
is specifically designed to improve membrane performance by (a) 
altering the size distribution of pollutants and (b) modifying the affin
ities of pollutants for one another and the membrane (Huang et al., 
2009). The hybrid coagulation-LPM process aims to (1) enhance the 
removal of dissolved organic matter (DOM) and (2) mitigate membrane 
fouling (Kong et al., 2017). This treatment train is commonly employed 
in membrane-based drinking water treatment plants (Tran et al., 2022).

Wildfires can alter the chemical characteristics of particles and DOM, 
potentially reducing the effectiveness of the coagulation-LPM process. 
For example, the presence of smaller, more aromatic DOM in postfire 
water may lead to difficulties in coagulation, increased membrane 
fouling, and enhanced disinfection byproduct (DBP) formation (Emelko 
et al., 2011; Hohner et al., 2016; Chow et al., 1999). In regions affected 
by wildfires, the coagulation-LPM treatment process may face increased 
challenges to its resilience. However, there is a lack of comprehensive 
information on the effectiveness of this process for treating post-wildfire 
water, leading to substantial uncertainty about the potential challenges. 
As a first step towards filling the above knowledge gaps, we collected 
soil samples from a recently burned area and conducted laboratory ex
periments to explore the relationships between the composition of 
leachate from burned soil and the performance of the coagulation-LPM 
treatment process. We hypothesize that increased burn severity trans
forms soil DOM into smaller, less aromatic, and more hydrophilic frac
tions, which reduce coagulation efficacy and exacerbate irreversible 
membrane fouling through internal pore adsorption. The specific ob
jectives of this research were to: (1) investigate the effects of burned 
soils leachate quality, specifically DOM characteristics, on the perfor
mance of the coagulation-ultrafiltration treatment process; (2) identify 
optimal coagulant dosages for effective DOM removal and membrane 
fouling control; and (3) characterize fouling mechanisms and dominant 
foulants through detailed membrane autopsy, including contact angle 
measurements and scanning electron microscopy-energy dispersive 
X-ray (SEM-EDS) analysis. This study is the first to investigate the impact 
of leachate from soils burned by wildfire on the performance of the 
coagulation-UF treatment process. The findings provide valuable in
sights to help utilities understand the potential challenges associated 
with operating efficient membrane-based drinking water treatment 
systems for treatment of post-wildfire water with degraded quality.

2. Materials and methods

2.1. Site description and sampling

The Cedar Creek wildfire, ignited by a lightning strike on August 1, 
2022, burned a total of 45,441 hectares along the west slopes of the 
Cascade Mountains in Oregon before it was contained on November 22, 
2022. The area includes diverse topographical and ecological features, 
with elevations ranging from 200 to 1600 m above sea level. The pre-fire 
vegetation primarily consisted of coniferous forests dominated by 
Douglas-fir (Pseudotsuga menziesii), western hemlock (Tsuga hetero
phylla), and western red cedar (Thuja plicata), interspersed with under
story shrubs and grasses (USDA 2022). Soils in the region are 
predominantly Andisols, derived from volcanic ash deposits, and are 
characterized by high organic matter content and excellent water 

retention capacity. The underlying geology includes basalt and andesite 
formations, with slopes ranging from gentle grades of 10 % to steeper 
inclines exceeding 60 % (Lake, 2003; Sytsma et al., 2005).

Soil and baseline water samples were collected in August 2023, 
within one year of the fire containment. Soil sampling focused on high- 
and low-severity burn areas, identified using burn severity maps and 
verified through field observations. Surface soils (top 3 cm) were 
collected with a clean trowel to target the layer most affected by fire and 
likely to erode during rainfall events. Sampling was conducted along 10- 
meter transects perpendicular to a stream channel, extending upslope 
from the stream edge. At each site, a measuring tape was laid out at a 90- 
degree angle to the stream, and soil samples were collected at specified 
intervals along this transect. Samples from high-severity burn areas were 
taken from dry stream beds and adjacent slopes, while low-severity burn 
samples were collected from areas with minimal fire impact (Figure S1, 
Supplementary Information). To prevent cross-contamination, gloves 
were worn during sampling, and tools were cleaned between collections.

To establish a baseline for leaching experiments, water samples were 
collected from Salmon Creek at a location approximately 1.5 m from the 
stream bank and just below the water surface, ensuring a steady flow. 
The carboy used for water collection was rinsed three times with creek 
water before being filled, sealed, and placed in a cooler for transport. 
Although no pre-fire data were available for Salmon Creek, post-fire 
measurements showed that its water exhibited low total organic car
bon (TOC ≈0.7 mg/L), turbidity (≈0.3 NTU) and conductivity (≈25 μs/ 
cm). These characteristics made it suitable for use in leaching experi
ments where the goal was to assess how burned soil alter water chem
istry. By starting with water that has minimal contamination, any 
increases in TOC, turbidity, or other parameters in the leachate could be 
attributed primarily to the influence of the burned soil, enabling a more 
accurate assessment of the soil’s impact on water quality degradation 
(Blackburn et al., 2023; Fischer et al., 2023; Rodela et al., 2022; Swindle 
and al., 2021). Additionally, the presence of some electrolytes in the 
creek water, unlike deionized water, may better simulate natural 
leaching processes by facilitating the dissolution of organic matter from 
the soil. All soil and baseline water samples were stored in darkness at 4 
◦C to preserve their integrity prior to experiments.

2.2. Materials

All chemicals used in this study were either high-performance liquid 
chromatography grade or analytical grade. Aluminum chlorohydrate 
(ACH), which is the most common coagulant applied in membrane- 
based drinking water treatment plants, was purchased from Spectrum 
Chemical (Gardena, CA). The stock solution was prepared by dissolving 
240 mg of ACH powder in 200 mL of deionized water. The ACH stock 
solution was freshly prepared before each experiment.

Flat sheet polyvinylidene difluoride (PVDF) membrane with a 
nominal molecular weight cut-off (MWCO) of 100 kDa was provided by 
Synder Filtration (Vacaville, CA). Prior to use, circular coupons with an 
effective surface area of 45 cm² were cut from a large sheet and soaked in 
deionized water for 24 h to wet the membrane and remove any pre
servative chemicals.

2.3. Experimental design

All experiments included replicated soil leachate preparation, 
treatments, and control tests, conducted under identical experimental 
conditions, except that no coagulant was added to the control tests. Data 
are reported as the mean ± standard deviation from at least two inde
pendent replicate experiments. Figure S2 presents a schematic diagram 
of the leaching experiment, followed by the integrated coagu
lation–ultrafiltration (UF) treatment process.

2.3.1. Experiment to prepare burned soil leachates
First, soils from the burned area were leached in the laboratory to 
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dissolve substances that could be released into nearby watersheds dur
ing or after precipitation at the wildfire site. This laboratory simulation 
aims to also represent the scenario in which these materials become 
entrained in the river and flow downstream to water treatment facilities 
(Hohner et al., 2016; Hohner et al., 2017). Leachates were prepared 
from soil samples collected at a high burn-severity site (location along 8 
m transect) and a low burn-severity site (location along 8 m transect). To 
leach the soil samples, 5 g of soil per liter of baseline water were mixed 
for 24 h at 300 rpm at room temperature in the dark. A ratio of 5 g soil/L 
was selected to represent a scenario of severe water quality degradation 
after a wildfire event (Blackburn et al., 2023). Following the mixing, 
large particles were allowed to settle out of solution over a 30-minute 
period. The burned soil leachate was then subjected to the integrated 
coagulation–UF treatment.

2.3.2. Coagulation
The burned soil leachate was subjected to coagulation treatment 

using a six-paddle programmable jar test apparatus (Phipps and Bird 
Inc., Richmond, VA). ACH was selected as the coagulant, with dosages 
ranging from 0 to 30 mg/L. Following the addition of the coagulant, the 
suspensions were rapidly mixed at 300 rpm for 2 min, followed by a slow 
mixing phase at 50 rpm for 30 min. To simulate the inline coagulation 
process employed by most membrane-based water treatment facilities in 
Oregon, the resulting floc suspension was subsequently filtered through 
a steel mesh with a uniform sieve size of 254 μm before moving into the 
UF feed water tank.

2.3.3. Ultrafiltration
Ultrafiltration experiments were conducted using a dead-end stirred 

cell system (Millipore, Billerica, MA). The effective filtration area of the 
cell was 45 cm². Filtration was performed under constant pressure mode 
(40 psi) using a compressed nitrogen tank. A beaker was placed on a 
digital scale (OHAUS Navigator, NJ) to collect permeate samples. The 
change in weight was continuously recorded using a camera, and the 
membrane flux was determined from the weight changes over time. 
Fouling and cleaning experiments consisted of four steps: (1) compac
tion, (2) fouling, (3) backwashing, and (4) deionized water filtration. 
First, deionized water was filtered through the membranes at 40 psi until 
a stable flux was achieved. Second, the pre-coagulated postfire water 
was fed into the stirred cell, and filtration was conducted until 400 mL of 
permeate was collected. At the end of the fouling experiments, the stir 
cell was emptied and filled with deionized water. The fouled membrane 
was then flipped, and filtration was conducted until 400 mL of permeate 
was collected. After backwashing, the flux of deionized water was 
calculated again as a measure of flux recovery to determine fouling 
reversibility.

The distribution of membrane fouling resistance was analyzed by the 
resistance-in-series model shown below: 

Rm =
ΔP
μJ0

(1) 

Rir =
ΔP
μJDI

− Rm (2) 

Rr =
ΔP
μJt

− Rm − Rir (3) 

where ΔP is the transmembrane pressure, μ is the dynamic viscosity of 
the synthetic water; Rm, Rir, Rr are the resistance of intrinsic membrane 
resistance, hydraulic irreversible resistance, and hydraulic reversible 
resistance, respectively; J0, JDI, Jt are the permeate flux of the pristine 
membrane, membrane after backwash, and membrane at the end of 
fouling test, respectively.

To identify the membrane fouling mechanism, a combined cake and 
standard blockage model was applied to describe the experimental data. 
This model accounts for the combined effects of (1) pore blockage, 

which occurs when smaller particles block the membrane pores, and (2) 
cake layer formation, which begins when the pores are closed and par
ticles start depositing on the membrane surface (Bolton et al., 2006). The 
model equations are described as follows: 

V =
2
ks

(

βcos
(

2π
3
−

1
3

arc cos(α)
)

+
1
3
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(4) 
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+
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−
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√
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where, V is accumulative permeate volume, Ks is the standard blocking 
constant, Kc is the cake layer constant, and t is the filtration time. For 
curve fitting, we used the nonlinear least squares analysis method, 
implemented in MATLAB R2023b (MathWorks, Natick, MA). The ac
curacy of the model was evaluated based on the coefficient of deter
mination (R2) value. R2 ≥ 0.98 was considered as a successful fitting.

2.4. Water quality analysis

Samples were collected for water quality analysis from burned soil 
leachates, post-straining suspension, and UF permeate. Turbidity was 
measured using a portable turbidity meter (2100Q, Hach Company, CO). 
Particle size before and after coagulation was examined using a Laser 
Scattering Particle Size Distribution Analyzer (Partica LA-960, Horiba, 
Japan). Dissolved organic carbon (DOC) was analyzed using a Shimadzu 
TOC-L analyzer (Shimadzu Corp., Japan) after filtration through a 0.22 
μm polyethersulfone membrane. The filtration was carried out imme
diately after sampling. Concentrations of aluminum, iron, and silica in 
the leachates were quantified via inductively coupled plasma mass 
spectrometry (iCAP RQ ICP-MS, Thermo Fisher Scientific, MA).

In order to determine the composition of DOM, fluorescence exci
tation emission matrices (EEMs) and UV absorbance full scans were 
conducted using a fluorescence spectrophotometer (HORIBA Aqualog, 
Japan). The EEMs were obtained by measuring the fluorescence emis
sion spectra wavelength (214–620 nm) and a range of excitation 
wavelength (240–600 nm) at 2 nm intervals. The scans were collected in 
signal/reference ratio mode with an integration time of 5 s. UV absor
bance at 254 nm (UV254) was measured to assess the aromaticity of 
DOM. The specific UV absorbance (SUVA254) was calculated by dividing 
the UV254 absorbance by the DOC concentration (in mg/L). All the peaks 
of the DOM and slope ratio (SR = Spectral slope S275_295 / Spectral slope 
S350_400) were extracted and calculated from the contour graphs using 
fewsdom (Wampler, 2024) package in R software.

2.5. Membrane characterization

Pristine and fouled membranes were characterized using the 
following techniques. Surface hydrophobicity was evaluated via the 
sessile drop method using a contact angle goniometer (Ossila, England, 
UK). Zeta potentials were determined by streaming potential measure
ments, performed with the adjustable gap cell in the SurPASS system 
(Anton Paar, Austria). The zeta potential measurements were conducted 
in a 10 mM KCl solution with pH values ranging from 3 to 10. The 
membrane’s top surface was visualized using an FEI Quanta 3D Field 
Emission Dual Beam Scanning Electron Microscope (SEM/FIB), equip
ped with a Horiba energy-dispersive X-ray (EDS) spectrometer (7200-H, 
Kyoto, Japan) for elemental composition analysis. Prior to SEM-EDS 
analysis, membrane samples were cut into small pieces, mounted on 
the specimen holder using double-sided tape, and sputter-coated with 
Au/Pd. Chemical functional groups on membrane surfaces were 
analyzed using Fourier-transform infrared spectroscopy (FTIR; Nicolet 
6700, Thermo Fisher Scientific, MA) equipped with a 42◦ single- 
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reflection germanium attenuated total reflectance (ATR) element 
(Seagull™ variable angle reflection accessory).

3. Results and discussion

3.1. Leachate water quality

In our study, leachate water quality was characterized to assess its 
impact on coagulation-UF treatment performance and membrane 
fouling potential. Leachates from low- and high-severity soils displayed 
distinct color variations (Fig. 1a). The leachate from the low-severity soil 
sample was dark black, whereas that from the high-severity soil sample 
was light reddish-brown. These color differences likely reflect variations 
in combustion completeness, as darker leachate from the low-severity 
burn soil suggests higher dissolved organic carbon content, while the 
lighter, reddish-brown leachate from the high-severity burn soil may 
indicate increased mineral leaching and oxidation. The iron-rich hue of 
high-severity burn leachate aligns with soil mineral transformations that 
occur over extended fire durations, rather than necessarily reflecting 
exposure to extreme heat. This is supported by XRD analysis, which 
identified the presence of iron oxides such as hematite and maghemite in 
the high-severity burn soil sample (Figure S3, Supplementary Informa
tion) (Ketterings and Bigham, 2000).

As expected, the leachate turbidity levels were significantly higher 
than the baseline sample (0.3 NTU) (Fig. 1b). The low-severity burn 
leachate exhibited higher turbidity compared to the high-severity burn 
leachate. In low-severity burn leachate, the higher turbidity may be 
attributed to the release of fine particulates and high molecular weight 
organic matter (Qiu et al., 2019), whereas in high-severity burn 
leachate, the lower turbidity might result from the loss of organic con
stituents and the aggregation of clay and mineral particles (Figure S1d, 
Supplementary Information) (Thuile Bistarelli et al., 2021).

Initially, the baseline water had a pH of approximately 7.7 (Fig. 1b). 
However, after leaching soils from the low- and high-severity burned 
areas, the pH decreased to 7.6 and 7.3, respectively. This observed pH 
reduction could potentially be attributed to several factors, such as the 

leaching of organic acids and changes in soil chemistry post-fire. Burned 
soils often contain elevated levels of soluble organic acids, such as fulvic 
and humic acids, which are byproducts of organic matter combustion. 
When these soils are leached, the organic acids dissolve into the water, 
leading to a decrease in pH. This phenomenon has been documented in 
previous studies (Bárcenas-Moreno et al., 2016; Revchuk and Suffet, 
2014). Notably, the high-severity leachate exhibited a lower SUVA₂₅₄ 
value (~3 L/mg⋅m), indicating reduced aromaticity compared to the 
low-severity leachate. This SUVA₂₅₄ value suggests the presence of a 
mixture of hydrophobic and hydrophilic DOM fractions. It is important 
to note that hydrophilic organic acids, such as aliphatic acids and 
low-aromatic acids, do not strongly absorb at 254 nm and therefore 
contribute minimally to SUVA₂₅₄, despite significantly reducing pH 
(Aiken et al., 1992; Wang et al., 2019). Consequently, the observed pH 
decrease in the high-severity leachate is most likely attributed to these 
non-aromatic, hydrophilic acidic components rather than traditional 
humic or fulvic acids. However, pH changes after a fire are multifaceted, 
with both decreases and increases reported in the literature 
(Bárcenas-Moreno et al., 2016; Garrido-Ruiz et al., 2023). Variations in 
fire severity, soil characteristics, environmental conditions, and the time 
elapsed between the fire and sample collection can result in different 
outcomes, highlighting the complexity of post-fire biogeochemical 
processes.

After the leaching experiment, DOC concentrations increased from 
0.7 mg/L in the baseline water to 2.7 mg/L for low-severity soil and to 
2.4 mg/L for high-severity soil, respectively. SUVA254 value is used to 
assess the aromaticity and hydrophobicity of DOM. The SUVA254 value 
for the low-severity leachate was approximately 5.2 L/mg⋅m, indicating 
a higher concentration of aromatic compounds, which tend to be more 
hydrophogic and have higher molecular weights (Weishaar et al., 2003). 
In contrast, the high-severity sample has a SUVA254 of 3 L/mg⋅m, sug
gesting a mixture of hydrophilic and hydrophobic organic compounds 
with molecular weights ranging from low to high (Edzwald et al., 1985). 
This shift toward lower molecular weight DOM in the high-severity 
burned soil leachate is further supported by the spectral slope ratio 
(SR) results, which are inversely correlated with DOM molecular weight 

Fig. 1. Physical-chemical characteristics of baseline water and soil leachate: (a) photos, (b) turbidity and pH, (c) leachable dissolved organic carbon (DOC) and 
SUVA254 and (d) fluorescence intensity. Error bars represent the standard deviation from two independent replicate experiments.
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(Hansen et al., 2018). The higher SR observed in the high-severity 
leachate (3.22 ± 0.03) compared to the low-severity leachate (2.85 ±
0.02) suggests a greater proportion of lower molecular weight DOM. 
These differences in DOM characteristics may be attributed to the degree 
of combustion severity. Low-severity burning often results in incomplete 
combustion, retaining larger, hydrophobic, humic-like organic com
pounds (Caon et al., 2014; Badía et al., 2014). In contrast, prolonged and 
more intense burning likely breaks down DOM into smaller, more sol
uble, and more hydrophilic fragments. This is consistent with the lower 
SUVA254 and higher SR values observed in the high-severity leachate. 
Furthermore, the higher aromatic fraction in the low-severity leachate 
tends to remain in particulate/colloidal form for a longer duration, 
which also explains the higher turbidity observed in these samples 
(Fig. 1b) (Thuile Bistarelli et al., 2021).

EEMs collected with fluorescence spectroscopy uses fluorescence 
intensity of each wavelength pair to provide quantitative information 
about the corresponding DOM character and concentration. The raw 
EEMs contour plots are presented in Figure S4 (Supplementary Infor
mation). Peaks B (pB) and T (pT) represent protein-like substances, 
occurring at excitation/emission wavelengths of 270–280 nm / 300–320 
nm and 270–280 nm / 320–350 nm, respectively. Peaks A (pA), M (pM), 
and C (pC) correspond to humic-like substances, detected at excitation/ 
emission wavelengths of 250–260 nm / 380–480 nm, 310–320 nm / 
380–420 nm, and 330–350 nm / 420–480 nm, respectively. Peak D (pD), 
observed at 390 nm / 509 nm, indicates soil fulvic acid-like substances. 
Peak N (pN), found at 280 nm / 370 nm, represents plankton-derived 
DOM (Coble, 2014). Both leachates were dominated by humic-like 
substances, indicating their ubiquitous presence in topsoil after fire 
(Revchuk and Suffet, 2014). The EEM results (Fig. 1d) also confirm the 
DOC results (Fig. 1c), showing that more DOM was leached into water 
from the low-severity burned soil compared to the high-severity sample.

In summary, the characterization of the burned soil leachates sug
gests that when an equivalent amount of soil is flushed into a nearby 
watershed, water leaching through soil from a high-severity burned area 
may exhibit lower pH, turbidity, and DOC than water leaching through 
soil from a low-severity burned area. Additionally, the composition of 
DOM may shift toward smaller, less aromatic organic compounds in 
high-severity areas compared to low-severity areas. However, it is 
important to note that in the field, high-severity burn areas can expe
rience greater erosion, potentially leading to more soil being flushed 
into water bodies and resulting in higher DOC concentrations. In addi
tion, we acknowledge that the findings presented here are based on a 
limited number of soil samples. Soils affected by wildfire are highly 
heterogeneous in both physical composition and burn severity. There
fore, while our results illustrate a clear pattern of how burn severity may 
influence leachate water quality, these findings should be interpreted as 
exploratory rather than conclusive. Further systematic studies with 
greater replication of soil samples across multiple locations within each 
burn severity category are necessary to validate these observations and 
to draw more robust conclusions about the effects of burn severity on 
leachate water quality and treatment implications.

3.2. Performance of coagulation

The performance of downstream UF treatment is highly dependent 
on effective coagulation. Failure to achieve optimal coagulation can 
result in poor solids removal and severe membrane fouling. Therefore, 
we begin with a discussion of the impact of leachate quality on coagu
lation efficiency. ACH is a widely used coagulant in water treatment 
because it (1) has high solubility and a strong positive charge, (2) per
forms well across a wide pH range, particularly in the neutral pH range 
where many water sources typically fall, and (3) produces less sludge 
compared to other coagulants, leading to more cost-effective sludge 
management (O’Melia, 1998). The dual mechanisms of charge 
neutralization and sweep flocculation allow ACH to effectively aggre
gate and remove a broad spectrum of impurities, including organic 

matter, microorganisms, and turbidity (Zhang et al., 2017). The efficacy 
of coagulation with ACH for the removal of turbidity and DOM was 
evaluated in this section.

For the low and high burn severity soil leachates, coagulation fol
lowed by straining was not effective in removing suspended particles, 
with turbidity removal efficiency being less than 34 % (Fig. 2a). This is 
because the flocs formed by the ACH are compact (Figure S6) and most 
of the flocs cannot be removed by the 254 μm screen (Tran et al., 2022). 
No sedimentation step was included to simulate inline coaugation, 
which would likely significantly reduce turbidity.

DOM can cause hydraulically irreversible membrane fouling (Kim 
and Dempsey, 2008). Coagulation plays a critical role in reducing DOM 
prior to UF, thereby mitigating fouling. In the low‑severity leachate, 
increasing ACH doses progressively reduced DOC concentrations, 
achieving 36 % removal at 30 mg/L ACH (Figure 2b). As noted above, 
the high SUVA₍₂₅₄₎ value (5.2 L/mg⋅m) indicates a dominance of aro
matic, high‑molecular‑weight humic‑like DOM, which responds well to 
ACH coagulation (Jeong et al., 2016), forming larger flocs that facilitate 
DOM removal by straining. The SUVA254 decreased by approximately 50 
% at 30 mg/L ACH (Fig. 2c), confirming preferential removal of aro
matic compounds known to contribute to fouling. EEMs analysis further 
corroborated these findings, showing substantial reductions in 
humic-like (peaks A, M, C) and fulvic-like (peak D) fluorescence in
tensities (Fig. 3a).

In contrast, the high-severity leachate exhibited a lower initial DOC 
(2.4 mg/L) and SUVA254 (3 L/mg⋅m), reflecting a shift toward smaller, 
more hydrophilic DOM. Although DOC removal increased with ACH 
dose, it was less pronounced than in the low-severity leachate, sug
gesting limited efficacy of ACH against hydrophilic, low-aromatic DOM. 
This behavior likely reflects the more aliphatic character of high- 
severity DOM, which is less responsive to charge neutralization and 
sweep flocculation. EEMs results confirmed weaker reductions in humic- 
like components, with fluorescence intensities stabilizing above 7.5 mg/ 
L ACH (Figure 3b).

3.3. Effects of coagulant dose on UF membrane fouling

After coagulation and straining, the soil leachates were further 
treated by UF membrane. Membrane fouling was evaluated using 
normalized permeate flux profiles, the combined cake-standard 
blockage model, and the resistance-in-series model. Generally, flux 
declined immediately after introducing post-straining samples into the 
feed tank (Fig. 4). This initial rapid flux loss is likely attributed to pore 
blocking by small particles and DOM. As filtration progresses, a cake 
layer forms, further reducing flux as particles accumulate on the mem
brane surface (Abdelrasoul et al., 2013). Despite the baseline source 
water having turbidity of only 0.3 NTU and DOC of 0.7 mg/L, the 
baseline water showed a rapid initial flux loss followed by a minimal flux 
decline in the later stages of filtration. Photos of the fouled membrane 
surface show it appearing quite clean (Figure S8a). However, sub‑mi
cron colloidal particles (Figure S5, Supplementary Information) and 
DOM, which deposited within the membrane pores and are invisible to 
the naked eye, caused a 26.8 % flux decline by the end of filtration.

In contrast, the normalized permeate flux (J/J0) of the soil leachate 
without pre-coagulation decreased to 44.6 % (low severity) and 52.4 % 
(high severity) by the end of the filtration. Compared to baseline water, 
the increased turbidity and DOM of the soil leachates led to increased 
membrane fouling and flux decline. Interestingly, the flux decline was 
greater when treating the low-severity leachate compared to the high- 
severity leachate. This is not surprising because, without coagulation, 
the low-severity leachate had higher turbidity (Fig. 1b) and more DOM 
(Figs. 1c, 1d), which strongly correlates with membrane fouling (Xu 
et al., 2024). Consequently, the likelihood of both pore adsorption/
clogging and cake layer formation is higher, resulting in more severe 
membrane fouling when treating the low severity leachate.

When ACH-treated samples were filtered, flux decline was lower 
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than the corresponding values without pre-coagulation, verifying the 
effectiveness of ACH for fouling control in UF treatment (Tran et al., 
2022). For the low-severity leachate, better fouling control performance 
was demonstrated at higher ACH doses. When 30 mg/L of ACH was 
applied, membrane fouling was reduced by 41.4 %. For the high-severity 
leachate, the application of ACH at doses ranging from 5 to 15 mg/L 
reduced the flux decline. However, when the ACH dose was increased to 
30 mg/L, the flux decline worsened to 53.7 %, indicating an overdose of 
the coagulant. Optimal performance was achieved with a coagulant dose 
of 7.5 mg/L ACH, resulting in a 26.9 % reduction in flux decline.

Our fouling experimental data fit well with the combined cake and 
standard blockage model (Table 1). According to the definitions of the 
fouling model, the individual contributions of standard blockage and 
cake layer formation to permeate flux decline can be evaluated from the 
magnitudes of the fitted parameters Ks and Kc, respectively. In almost all 

conditions, ACH pre-coagulation led to reduced values of Ks and Kc, 
indicating alleviated pore clogging and cake layer formation.

After filtering the coagulated water, we performed a backwash to 
clean the membrane. Depending on its cleanability, membrane fouling 
can be classified as hydraulically reversible or irreversible. Reversible 
fouling is caused by the buildup of contaminant aggregates on the 
membrane surface, creating a cake layer with low hydraulic perme
ability. This type of fouling can be easily removed by physical cleaning 
methods, such as backwashing. In contrast, irreversible fouling occurs 
due to the adsorption of DOM and small particles within the membrane 
pores, necessitating chemical cleaning for removal (Kim and Dempsey, 
2008). Irreversible fouling is a key performance-limiting challenge 
during long-term membrane filtration operations, as it requires harsh 
chemical cleaning, thereby increasing operating costs and leading to 
membrane degradation. In this study, the resistance-in-series model was 

Fig. 2. (a) Turbidity removal (b) DOC removal and (c) SUVA254 reduction after coagulation and straining.

Fig. 3. Fluorescence intensity of major DOM components in soil leachate treated with ACH at varying dosages: (a) Low severity and (b) High severity.
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applied to further examine the impacts of burn severity and ACH 
pre-coagulation on reversible and irreversible fouling resistance created 
after the fouling experiment.

ACH pre-coagulation effectively controlled both reversible and 
irreversible fouling. For the low-severity leachate, increasing ACH 
dosage significantly reduced irreversible fouling resistance. With ACH 
doses reaching 30 mg/L, nearly all fouling became reversible. Mem
brane surface images (Figure S9e) revealed that most sediment was 
removed by backwashing. Contact angle measurements (Fig. 6) 
confirmed that the membrane regained its original hydrophobicity after 

the fouling experiment with 30 mg/L ACH-coagulated low-severity 
leachate and subsequent backwashing. An ACH dose of 30 mg/L is 
considered optimal for the low-severity leachate coagulation, as it 
maximized DOM conversion to flocs (Fig. 2b and Fig. 3a). These large 
flocs effectively reduced internal pore clogging. Additionally, the min
imal irreversible fouling suggests a weak adhesion force between the 
ACH flocs-induced cake layer and the membrane, facilitating its removal 
by backwashing.

For the high-severity leachate, ACH pre-coagulation reduced fouling, 
particularly reversible fouling, up to an ACH dose of 7.5 mg/L (Fig. 5b). 
Beyond this point, fouling reduction plateaued until 15 mg/L. However, 
further increasing the ACH dose to 30 mg/L resulted in a significant 
increase in both reversible and irreversible fouling. These findings 
highlight the importance of conducting a lab test to determine the 
optimal coagulant dosage when treating post-fire water, especially in 
cases of high-severity burning where changes in water composition can 
lead to coagulant overdosing, compared to water influenced by soils 
with low burn severity. After treating the high-severity leachate with 30 
mg/L ACH pre-coagulation, the fouled membrane exhibited a positive 
surface charge within the pH range of 7–8 (Figure S11), indicating an 
overdose of positively charged aluminum species that deposited on the 
membrane surface.

Despite a lower optimal ACH dose for the high-severity leachate (7.5 
mg/L) compared to the low-severity leachate (30 mg/L), irreversible 
fouling was more pronounced at the optimal dose for high-severity 
leachate. This observation suggests that high-severity burning alters 
soil and water chemistry, potentially increasing the proportion of hy
drophilic organic substances. These hydrophilic compounds are less 
effectively removed by ACH coagulation and are more prone to inter
acting with and fouling the membrane surface. As shown in Fig. 6, the 
contact angle of the fouled membrane decreased to 61.6◦ when filtered 
with the relatively hydrophilic high-severity leachate (SUVA: 3 L/mg⋅m) 

Fig. 4. Effect of ACH doses on flux decline during fouling experiments with (a) Low-severity leachate and (b) High-severity leachate.

Table 1 
Fitting results of the combined cake-standard blockage model for uf process of 
postfire water with varying ACH Doses.

Low Burning Severity

ACH dose 
[mg/L]

Model fit 
error, R2

Characteristic parameters

Kc (s/m2) Ks (1/m) KcJo/Ks

0 0.9963 25,653 1.86 2.63
5 0.9926 18,601 1.74 2.12
7.5 0.9999 11,978 0.95 2.36
15 0.9999 7388 0.64 2.26
30 0.9999 5990 0.48 2.28

High Burning Severity

ACH dose 
[mg/L]

Model fit 
error, R2

Characteristic parameters

Kc (s/m2) Ks (1/m) KcJo/Ks

0 0.9934 19,163 1.27 2.6
5 0.9987 9199 0.73 2.3
7.5 0.9925 7832 0.64 2.29
15 0.9897 6692 0.54 2.36
30 0.9929 18,580 1.26 2.73

Fig. 5. Effect of ACH doses on membrane fouling reversibility for (a) Low and (b) High severity leachate (all experiments were conducted in duplicates). * indicates 
optimal ACH dose.
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at the optimal ACH dose. This reduction reflects the accumulation of 
hydrophilic substances on the membrane surface, contributing to irre
versible fouling. While hydrophilic non-humic organics (e.g., amino 
sugars, as indicated by FTIR in Fig. 8) are likely contributors to the 
reduced contact angle, metal-associated DOM complexes (such as those 
with aluminum and iron) and silicate deposits identified in SEM-EDS 
analyses (Fig. 7) may also play a significant role in enhancing surface 
hydrophilicity (Lin et al., 2021; Khan et al., 2023). These substances, 
with lower molecular weight and fewer electron-rich sites compared to 
hydrophobic organic compounds, are less efficiently converted into flocs 
(A. Zularisam et al., 2007) and are more likely to deposit on the mem
brane surface (Lee et al., 2004). Furthermore, hydrophilic organic 
compounds and metals exhibit weaker electrostatic repulsion from the 
membrane, which facilitates their accumulation within membrane pores 
and the formation of a dense cake layer, ultimately leading to significant 
irreversible fouling (A. Zularisam et al., 2007). These findings align with 

previous studies (A. Zularisam et al., 2007) which reported a higher 
fouling potential for source waters containing larger proportions of 
hydrophilic organics. The exact composition of DOM in the high‑se
verity leachate requires further characterization using advanced tech
niques such as Fourier transform ion cyclotron resonance mass 
spectrometry (FT‑ICR‑MS), liquid chromatography–organic carbon 
detection (LC‑OCD), and gel permeation chromatography (GPC).

The irreversible membrane fouling after treating the soil leachates 
and backwash was further investigated using SEM-EDS and FTIR to 
identify differences in surface morphology, elemental composition and 
functional gruops. The pristine membrane was composed primarily of 
carbon and fluoride, consistent with the composition of PVDF mem
brane material (Fig. 7a). Its FTIR spectrum (Fig. 8) exhibited charac
teristic PVDF bands at 3015 cm⁻¹ and 1400 cm⁻¹ (–CH₂ stretching) and at 
1275 cm⁻¹ and 1165 cm⁻¹ (–CF₂ vibrations), confirming a clean mem
brane surface. After treating the low-severity leachate with the optimal 

Fig. 6. Contact angle characterization of pristine and fouled membranes (After Backwashing).

Fig. 7. SEM images and elemental analysis of the PVDF membrane top surface after backwashing: (a) pristine membrane; (b) membrane fouled by low‑severity soil 
leachate following 30 mg/L ACH pre‑coagulation; (c) membrane fouled by high‑severity soil leachate following 7.5 mg/L ACH pre‑coagulation.
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ACH dose (30 mg/L) and subsequent backwashing, the membrane sur
face exhibited minimal fouling, with only slight increases in oxygen and 
aluminum levels (Fig. 7b). Corresponding FTIR (Figure 8) detected 
modest new peaks at 3400 cm⁻¹ (–OH) and 1650 cm⁻¹ (–NH₂), indicating 
minor deposition of humic‑ and protein‑like DOM (Zeng et al., 2016). In 
contrast, treatment of the high-severity leachate with the optimal ACH 
dose (7.5 mg/L) followed by backwashing resulted in a dense fouling 
layer covering most of the membrane surface (Fig. 7c). SEM-EDS 
revealed elevated levels of iron (Fe), aluminum (Al), silicon (Si), and 
oxygen (O). FTIR spectra of these fouled membranes exhibited strong 
peaks at 3400 cm⁻¹ (–OH), 1650 cm⁻¹ (–NH₂), and 1032 cm⁻¹ (–C–O), 
indicating the accumulation of hydroxyl‑, amine-, and carbonyl-rich 
DOM functional groups, which are likely involved in metal complexa
tion (Zeng et al., 2016; Lee and Choi, 2022). The diminished intensity of 
native PVDF bands (1275 and 1165 cm⁻¹ for –CF₂) further confirmed 
extensive surface coverage by the fouling layer.

The presence of Fe and Al on the fouled membrane surface, along 
with the morphological and functional group changes observed in SEM 
images and FTIR anlysis, indicates that these metals likely contributed to 
membrane fouling. Polyvalent metal ions, such as Fe3+ and Al3+, are 
known to form complexes with hydrophilic DOM (e.g., polysaccharides), 
enhancing their adhesion to membrane surfaces. For instance, previous 
studies have demonstrated that iron can chelate with oxygen-containing 
functional groups, such as hydroxyl and carboxyl groups, in DOM to 
form stable complexes that are difficult to remove (Hao et al., 2013). 
These Fe/Al-DOM complexes can strongly adhere to the membrane, clog 
its pores, or form dense cake layers, ultimately leading to irreversible 
fouling. Additionally, the detection of Si and O on the fouled membrane 
surface suggests the potential contribution of silica (SiO₂) or silicate 
compounds, likely originating from soil minerals, to the fouling process. 
Silica and silicate particles are known to exacerbate fouling by forming 
impermeable deposits.

Notably, SEM-EDS analysis revealed minimal metal-DOM complexes 
on membranes exposed to the low-severity leachate (Fig. 7b), despite its 
higher metal content (Table S1, Supplemental Information). This 
apparent paradox can be explained by the leachate’s elevated SUVA₂₅₄ 
(>5 L/mg⋅m), which is indicative of hydrophobic, aromatic DOM with 
limited solubility and metal-binding capacity. The reduced aqueous 

interaction of hydrophobic DOM restricts its complexation with metal 
ions, resulting in minimal irreversible deposition on the membrane 
(Zhang et al., 2024). Conversely, the high-severity leachate (SUVA₂₅₄ ~3 
L/mg⋅m) contained hydrophilic, low-molecular-weight DOM enriched 
with carboxyl, phenolic, and hydroxyl groups (Fig. 8). These polar 
functional groups facilitated robust coordination with metal ions despite 
lower bulk metal concentrations, as evidenced by SEM-EDS-detected 
deposits (Fig. 7c). Thermal processes during high-severity burning 
may have enhanced metal reactivity, further promoting complexation 
with hydrophilic DOM (Zhang et al., 2024; Fernández et al., 1997). 
Together, these results demonstrate that irreversible fouling depends not 
only on metal concentration but also on DOM composition, metal 
speciation, and mineral content. The interplay between metal ions, 
DOM, and mineral-derived compounds highlights the complexity of 
fouling mechanisms in systems treating wildfire-impacted waters. To 
confirm the detailed bonding interactions of metal–DOM and metal
–silicate complexes, future investigations should employ targeted spec
troscopic techniques such as X-ray photoelectron spectroscopy (XPS) 
and X-ray absorption near edge structure (XANES) (Hay and Myneni, 
2010; Chen et al., 2020; Daugherty et al., 2017).

4. Conclusion

To the best of our knowledge, this is the first study to investigate the 
membrane fouling behavior and reversibility during the treatment of 
burned soil leachates. The primary findings are as follows: 

1. Soil leachate from a high-severity burn site exhibited lower pH, 
turbidity, and DOC concentrations compared to the soil leachate 
from a low-severity burn site, with DOM shifting toward smaller, less 
aromatic compounds.

2. The low-severity leachate demonstrated a higher fouling potential 
due to the greater turbidity and DOM content in the absence of pre- 
coagulation.

3. A combined cake and standard blockage model revealed that both 
pore clogging and cake layer formation contribute to membrane 
fouling.

Fig. 8. FTIR Spectra of pristine and fouled membranes after backwash.
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4. For the low-severity leachate, increasing ACH dosage improved the 
removal of dissolved humic-like substances before ultrafiltration, 
reducing fouling, especially irreversible fouling.

5. For the high-severity leachate, ACH was less effective in controlling 
irreversible fouling due to its insufficient removal of problematic 
foulant (e.g., hydrophilic DOM, metal-DOM complexes, SiO2). This 
finding suggests that alternative coagulants (e.g., biopolymer chito
san) should be considered for treating water draining from water
sheds impacted by high-severity wildfires.

While these findings provide critical insights into the influence of fire 
severity on leachate composition and membrane fouling; however, 
limitations include a restricted sample set and laboratory-scale condi
tions that may not capture field variability. Future research should 
incorporate diverse soils across burn severities and geographies, assess 
long-term biofouling dynamics, and evaluate the roles of soil properties, 
geologic context, and postfire interval to inform robust, field-relevant 
water treatment strategies.
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